Revealing the current relationship between stream acidification and fish species richness: What is the status after two decades of recovery? by Harmon, Patrick A.
James Madison University
JMU Scholarly Commons
Masters Theses The Graduate School
Spring 2017
Revealing the current relationship between stream
acidification and fish species richness: What is the
status after two decades of recovery?
Patrick A. Harmon
James Madison University
Follow this and additional works at: https://commons.lib.jmu.edu/master201019
Part of the Biogeochemistry Commons
This Thesis is brought to you for free and open access by the The Graduate School at JMU Scholarly Commons. It has been accepted for inclusion in
Masters Theses by an authorized administrator of JMU Scholarly Commons. For more information, please contact dc_admin@jmu.edu.
Recommended Citation
Harmon, Patrick A., "Revealing the current relationship between stream acidification and fish species richness: What is the status after
two decades of recovery?" (2017). Masters Theses. 499.
https://commons.lib.jmu.edu/master201019/499
Revealing the Current Relationship between Stream Acidification and Fish Species Richness:   





A thesis submitted to the Graduate Faculty of 
JAMES MADISON UNIVERSITY 
In 
Partial Fulfillment of the Requirements 
for the degree of 
Master of Science 
 




FACULTY COMMITTEE:  
Committee Chair: 
Dr. Christine May   
Committee Members/Readers: 
 Dr. Bruce Wiggins 
Dr. Steve Baedke 













 I would like to thank all of the James Madison University Biology Department for 
supporting this research project and aiding me in my evolution as a student, teacher and 
researcher.  I would especially like to thank Dr. Christine May for taking me on as a graduate 
student and for being my advisor for the past two years.  Her role in the development and 
implementation of this project have been invaluable and her unfaltering support of myself 
and every student she works with is a testament to her dedication to the development and 
success of young scientists.  I am especially thankful for the skills I have developed under 
her tutelage in terms of scientific interpretation, design and communication.   
 I would also like to thank my committee; Dr. Bruce Wiggins, Dr. Steve Baedke and 
Dr. Dan Downey who have been a fantastic source of guidance in terms of the development 
of this project and my development as a scientist and teacher.  Both Dr. Wiggins and Dr. 
Baedke are responsible for introducing me to new and interesting areas of biology and 
chemistry, as well as new ways of approaching scientific problems.   
 I would like to thank Billy Flint for being a great lab instructor and teacher.  He has 
been crucial in my development as a teacher and a scientific communicator.  I would also 
like to acknowledge my fellow students who have been a constant source of support and 
friendship.  I would especially like to thank Dot Boisen, Jon Studio, and Sydni Reinhold for 
helping with the implementation of this research project.   
 I would like to thank Ami Riscassi from the Shenandoah Watershed Study, Dave 
Demarest and Jalyn Cummings from the Shenandoah National Park and Jason Hallacher 





execution and interpretation of this research.  I would especially like to thank Dave 
Demarest whose guidance in the field and scientific input were invaluable to the project.  I 
would like to thank the Shenandoah National Park Trust and The Virginia Consortium of 






























TABLE OF CONTENTS 
Acknowledgments…………………………………………………………….ii 
List of Tables…………………………………………………………………v 
List of Figures………………………………………………………………....vi 
Abstract……………………………………………………………………….viii 
I. Introduction…………………………………………………………………1 
 Shenandoah National Park…………………………………....................1 
 Stream Acidification…………………………………………………....2 
 Effects of Stream Acidification on Fish Assemblages………....................4 
 Geology of Shenandoah National Park………………………………....9 
 Trends in Stream Acidification in Shenandoah National Park…………11 
 Fish Response to Acidification in Shenandoah National Park…………15 
 Influences of Watershed Characteristics on Fish Species Richness…….16 
 Revealing the Current Relationship between Stream Acidification 
  and Fish Species Richness in Shenandoah National Park………17 
II. Methods…………………………………………………………………….19 
 Study Streams………………………………………………………….19 
 Water Chemistry……………………………………………………….21 
 Fish Sampling………………………………………………………….22 
 Channel Reach Morphology…………………………………………....23 
 Statistical Analyses……………………………………………………..24 
III. Results……………………………………………………………………..29 
 Acid Neutralizing Capacity and Fish Species Richness………………....29 
 Comparing 1995 to 2016……………………………………………....34 
 Median ANC, Fish Species Richness and Total Fish Biomass…………36 
 Variables Effecting Fish Species Richness (2016)……………………...38 
 Variables Effecting Total Fish Biomass (2016)………………………...38 
 The Role of Watershed Area…………………………………………..39 
 Temporal Water Chemistry Trends (1996-2015)………………………41 
 Temporal Water Chemistry Trends (1987-2015)………………………42 
 Fish Sampling Efficacy………………………………………………..44 
IV. Discussion………………………………………………………………...46 
V. Appendix A 
 Supplemental Tables…………………………………………………..61 
VI. Appendix B 
 Supplemental Figures……………………………………………….....69 








LIST OF TABLES 
• Table 1. Bedrock class, watershed area, sampling regime and median acid neutralizing 
capacity of the thirteen study streams……………………………………………...21 
 
• Table 2. The effect size of the regression analysis between the relationship between          
fish species richness and minimum ANC in 1995 and 2016..……………………...36 
 
• Table 3.  The results from the stepwise regression analysis used to predict fish 
species richness in 2016…………………………………………………………...38 
 
• Table 4.  The results from the stepwise regression analysis used to predict total fish    
biomass in 2016...…………………………………………………………………39 
 
• Table 5.  Fish sampling efficacy between 100, 200 and 300-meter sampling 
reaches……………………………………………………………………………45 
 
• Table A1.  Location of SWAS water chemistry sample sites………………………61 
 
• Table A2. Watershed characteristics of the thirteen study stream…………………62 
 
• Table A3. Water chemistry parameters in the thirteen study streams (1996-2016)…63 
 
• Table A4. Fish species richness in 1995 and 2016…………………………………64 
 
• Table A5. Fish species found in the 2016 survey…………………………………..65 
 
• Table A6. Fish assemblages in 1995 and 2016……………………………………..66 
 














LIST OF FIGURES 
• Figure 1.  Shenandoah National Park……………………………………………2 
 
• Figure 2.  Geological Map of Shenandoah National Park………………………..10 
 
• Figure 3.  National Atmospheric Deposition Program maps for sulfate deposition in 
1995 and 2015…………………………………………………………………...12 
 
• Figure 4.  The regression analysis from Bulger et al. (1995)………………………15 
 
• Figure 5.  Map of the thirteen study streams……………………………………..20 
 
• Figure 6.  The relationship between median ANC and minimum ANC…………..27 
 
• Figure 7.  Replications of the regression analysis from Bulger et al. (1995)………..30 
 
• Figure 8.  Fish assemblages observed in 1995……………………………………..31 
 
• Figure 9.  The relationship between fish species richness and minimum ANC 
(2016)……………………………………………………………………………..32 
 
• Figure 10. Fish assemblages observed in 2016…………………………………….33 
 
• Figure 11. Regression analysis comparing the relationship between fish species 
richness and minimum ANC in 1995 and 2016…………………………………...35 
 
• Figure 12. The relationship between median ANC and fish species richness 
(2016)…………………………………………………………………………….36 
 
• Figure 13. The relationship between median ANC and total fish biomass 
(2016)………........................................................................................................................37 
 
• Figure 14. The effect of watershed area on fish species richness and total fish 
biomass…………………………………………………………………………..40 
 
• Figure 15. Trends in ANC, pH, SO₄ and NO₃ from 1996 to 2015……………….41 
 
• Figure 16. Trends in ANC, pH, SO₄ and NO₃ from 1987 to 2015……………….43 
 







• Figure 18. Fish sampling efficacy between 100 and 300-meter sampling 
reaches…………………………………………………………………………..45 
 
• Figure B1. Regression analysis between replications of the Bulger et al. (1995) 
analysis, with and without episodic data…...…………………………………….69 
 
• Figure B2. A comparison of the relationships between fish species richness (2016) 
and median ANC using 100-meter sampling reaches and 300-meter sample 
reaches………………………………………………………………………….70 
 
• Figure B3. A scatter plot matrix of the parameters used to construct a model to 
predict fish species richness in 2016…………………………………………….71 
 
• Figure B4. A scatter plot matrix of the parameters used to construct a model to 
predict total   fish biomass in 2016……………………………………………...72 
 
• Figure B5. The relationship between fish species richness (2016) and stream 
power…………………………………………………………………………...73 
 
• Figure B6. The relationships between fish species richness per watershed area and 






















 The boundaries of the Shenandoah National Park protect numerous forested 
headwater streams in Virginia that provide habitat for cold water species of fish like the 
Brook trout.  Historically, the Park has been impacted by acid deposition in the form of 
sulfate and nitrogen compounds resulting from the burning of fossil fuels.  The deposition 
of these acidifying compounds resulted in the depletion of the acid neutralizing capacity of 
Park watersheds and the acidification of its streams.  The resulting stream acidification 
resulted in negative impacts on fish assemblages within the Park, including decreases in fish 
species richness.  The severity of response to acidification varied between Park watersheds 
based primarily on each watershed’s underlying bedrock.  Restrictions placed on emissions 
by Amendments to the Clean Air Act resulted in a significant decrease in acid deposition 
within the Park beginning in 1995.  In response to an anticipated recovery of Park streams 
and fish assemblages, this study was undertaken to investigate changes in the relationship 
between fish species richness and acid neutralizing capacity over the past two decades in 
thirteen Park streams distributed among three bedrock types that determine acidification 
sensitivity.  Analysis included a survey of fish species richness and acid neutralizing capacity 
with a comparison to these parameters to 1995 data.  In addition to this analysis, models 
were constructed to predict variables affecting fish species richness and total fish biomass in 
terms of water chemistry and watershed characteristics.  Short-term and long-term temporal 
trends in water chemistry parameters associated with stream acidification were investigated 
to determine the direction and speed of stream recovery in the Park.  Results indicated that 
stream acidification and watershed area play a predominant role in determining fish species 





streams that provide the highest acid neutralizing capacity while acid sensitive streams 
indicated little change in fish species richness.  Observed water chemistry trends indicate a 
lagging recovery primarily due to the retention of sulfate and nitrate in Park watersheds.  In 
addition to these analyses, the efficacy of expanded fish sampling reaches to calculate fish 
species richness was investigated in 100, 200 and 300-meter fish sampling reaches.  Increases 
in fish species richness were associated with increases in sample reach length.  Increases in 
species richness were primarily associated with the capture of species found in low 
abundance.  Results from this study suggest that Park watersheds are in the beginning stages 
of recovery and that continued monitoring of these streams will be necessary to assess future 
policy decisions concerning emission standards and possible mitigating actions within the 
















Shenandoah National Park (SNP) encompasses 777 km2 of the Blue Ridge 
Mountains in northern and central Virginia.  The boundaries of the Park protect many of 
Virginia’s forested headwater streams that provide habitat for many native species of fish.  
The Park contains 90 headwater streams belonging to the Rappahannock, James, and South 
Fork Shenandoah River watersheds, which ultimately drain into the Chesapeake Bay (Figure 
1).  Headwater streams found in the Park supply habitat for 38 species of fish (National Park 
Service, 2015), specifically for cold-water fish like Brook trout that are sensitive to stream 
acidification and rising water temperatures (Raleigh, 1982; Robinson et al. 2010; Johnson et 
al. 1987).  These cold-water refuges play an important role in the conservation of Brook 
trout, which historically have experienced habitat loss and fragmentation due to 
deforestation and agricultural land use (Hudy et al. 2008).  Brook trout are not only a key 
predator species in these streams but also a popular game fish for Virginia anglers. 
        Though the Park is protected from direct anthropogenic impacts such as land use 
development and direct industrial inputs, it lies downwind of fossil fuel-burning power 
plants to the west and as such has been a recipient of atmospheric deposition of the 
acidifying compounds sulfate (SO4) and nitrous oxides (NOx).  The deposition of these 
compounds via rain fall, dry deposition (particulate), or cloud deposition historically have led 
to the acidification of headwater streams found in the Park and a depletion of the acid 
neutralizing capacity (ANC), or the ability of a stream to resist the effects of acid inputs to 
it’s watershed.  The ANC of a stream, as well as the ability of a watershed to retain acidifying 
compounds like SO4 and NO3, are dependent on the watersheds underlying bedrock 







 Rain fall is naturally acidic (pH ~5.6) due to interactions between water and carbon 
dioxide in the atmosphere, resulting in the weak acid, carbonic acid (H2CO3).  The acidity of 
precipitation can be enhanced with the addition of sulfur dioxide (SO2) and nitrogen oxides 
(NOx).  Sulfur dioxide, a byproduct resulting from the burning of fossil fuels, interacts with 
water and oxygen in the atmosphere to produce sulfuric acid (H2SO4).  Through similar 
processes, nitrogen oxides emissions result in the formation of nitric acid (HNO3).  Though 
sulfur dioxide and nitrogen oxides emissions are primarily associated with fossil fuel 
combustion, natural sources include volcanic activity (SO2) and lightning strikes (NOx).  
   Acid rain is produced by the mixing of sulfuric and/or nitric acid with rainfall.  The 
result is rainfall with a pH below the expected 5.6.  Rainfall in SNP in 1990 had an average 
annual pH of 4.6 (NADP, 2014), indicating that rainfall in the Park was ten times more 





or through runoff in the surrounding watershed, resulting in a decrease in stream water pH 
and a depletion of a streams ANC (Lawrence, 2002; Markewitz et al., 1998; Likens et al., 
1996).  ANC is a measure of a watersheds ability to buffer acid inputs based on the 
availability of base cations: Ca2+, Mg2+, K+ and Na+.  These cations are derived from a 
watershed’s underlying bedrock and are made available through chemical dissolution.  As 
acidic compounds react with these cation buffers they are neutralized through an ion 
exchange process.  For instance, when sulfuric acid, a strong acid, (H2SO4) comes into 
contact with limestone (CaCO3), calcium is exchanged with hydrogen ions producing 
neutrally charged calcium sulfate (CaSO4) and the weak acid carbonic acid (H2CO3).  Streams 
with ANC concentrations below 50 µeq/L are considered sensitive to stream acidification, 
between 50 and 200 µeq/L moderately sensitive to acidification and above 200 µeq/L 
insensitive to acidification (EPA, 1988). 
Acidifying compounds can also be delivered into a watershed via dry deposition or 
cloud deposition.  Dry deposition is the dispersal of acidic compounds in particulate form 
while cloud deposition, occurring mainly at high elevations, occurs when acidic compounds 
are taken into solution, like acid rain, and are deposited as clouds come into contact with a 
surface (Lovett and Kinsmen, 1990).  Similar to acid rain, the deposition of these 
compounds results in the exchange of base cations in the watershed and a decrease in 
buffering capacity. 
A watersheds response to sulfate deposition is also driven by the sulfate adsorption 
capacity (SAC) of its soils.  SAC is determined by the concentrations of iron and aluminum 
in soils and is highest in weathered landscapes such as those found in the Blue Ridge 
Mountains, resulting from its exemption from the Late Wisconsin Glaciation (Stanko-





weathered material would remain in the Blue Ridge Mountain range rather than be removed 
by glaciation.  Watersheds with high SAC may experience a lag in stream response to acid 
deposition due to retention of SO4 in watershed soils.  This lag can result in the persistence 
of acidification effects even though deposition may have decreased or ceased (Robison et al. 
2013).       
Episodic acidification occurs during episodes of high acid input due to precipitation 
or snow melt (Murdoch and Stoddard, 1992; Wigington et al. 1996).  Lawrence (2002) 
reported drops of greater than two units of pH (6.34-4.09) during a single rain event in an 
Adirondack stream.  Murdoch and Stoddard (1992) observed that spring snow melt, while 
diluting SO₄ concentrations, resulted in an increase in NO₃ concentrations and decreased 
stream pH levels.  Episodic acidification has been linked to sudden increases in acidifying 
compounds which result in declines in base cations (Wigington et al. 1996).  The outcome is 
an inability to buffer incoming acid inputs and a decrease in stream pH (Wigington et al., 
1996).  Chronic acidification of a stream, or the persistence of acidic conditions even during 
base flow, can occur as acid deposition reduces the ANC of the watershed.  Studies have 
indicated that episodic acidification events lead to a reduction in available pool of base-
cations from a watershed, specifically calcium, one of the primary buffering agents available 
to natural waters (Markewitz et al., 1998; Likens et al., 1996).  The depletion of this pool of 
buffers could result in chronic acid conditions and the persistence of episodic acidification, 
even in light of reductions in acid deposition (Lawrence, 2002). 
 
THE EFFECT OF STREAM ACIDIFICATION ON FISH ASSEMBLAGES 
Episodic and chronic stream acidification have the ability to negatively impact stream 





occurring in non-soluble forms.  Peterson et al. (1989) conducted lab experiments exposing 
Brook trout, Common shiner, Blacknose dace and Creek chub to pH gradients ranging from 
four to ten units.  All four species indicated significant avoidance for pH levels of 4.  
Avoidance thresholds, or the boundary at which negative preference shifted to positive 
preference ranged between 5.4 and 5.7 for Blacknose dace, Common shiners and Creek 
chubs, and was 4.7 for brook trout.  If in stream pH levels fall below the avoidance 
threshold for a given species it can be assumed that emigration, if possible, will occur, either 
temporarily in the case of episodic acidification or permanently in the case of chronic 
acidification.  This trend has been observed using radio telemetry in brook trout which, 
when exposed to chronic acidity (pH < 5.2) or major episodic episodes (large rain events), 
were observed to move down stream of the impacted area (Baker et al. 1996).  If 
immigration is not possible, either due to physical constraints such as dams, or ecological 
constraints such as temperature thresholds, mortality can occur.  Krawezel (2004) conducted 
an in situ bioassay in Meadow Run, Shenandoah National Park using Blacknose dace, 
Longnose dace, Rosyside dace, Mountain Redbelly dace and Mottled sculpin.  The study was 
conducted between 11/22/03 and 12/15/03.  That study observed mortality ranging from 
20% to 50% in all species excluding Mottled sculpin over the course of 23 days.  Mortality 
corresponded to episodic acidification events associated with rainfall and snow melt.  
Krawezel (2004) used observed mortality percentages to rank the acid sensitivity of the four 
species.  From most to least sensitive, the species were distributed: Longnose dace, 
Mountain Redbelly dace, Blacknose dace and Rosyside dace.        
Dennis et al. (1995) investigated Blacknose dace and the relationship between length 
to weight ratios, a measure of energy reserves, and acidification sensitivity (ANC) in nine 





that blacknose dace found in high ANC watersheds showed higher length to weight ratios 
than those found in lower ANC watersheds.  Similarly, biomass for brook trout has been 
shown to be reduced in populations exposed to both episodic and chronic stream 
acidification (Baker et al. 1996).  Acidification has also been shown to negatively affect total 
fish biomass within whole stream systems (Baldigo and Lawrence, 2000).  Baldigo and 
Lawrence (2000) observed that, though total fish biomass and fish species richness were 
correlated to watershed area, stream acidification was also responsible for decreased total 
fish biomass and fish species richness.             
Low pH levels (<5) are also associated with elevated concentrations of mobilized 
aluminum, which is common in most soils and toxic to fish at elevated levels (Driscoll et al. 
1980; Booth et al. 1988; Cronin and Schofield, 1990; Bulger, et al,1998, Baker et al. 1996).  
Aluminum is immobilized in a non-soluble form at neutral pH levels.  As pH levels decline 
aluminum becomes soluble and available to streams.  Maximum aluminum toxicity occurs at 
a pH of 5.0 (Bulger et al., 1998).  Chevalier et al. (1985) found gill damage in the form of 
separation of epithelial cells from underlying layers in brook trout exposed to pH levels 
below 5.5.  The authors suggest that the observed gill damage may be due to irritation caused 
by exposure to elevated aluminum levels found in acidic waters. 
   Mobilized aluminum in a waterway disrupts ion transport in fish gills resulting in a 
loss of critical blood ions (Neff et al. 2009).  The ionic regulation (Na+ and Cl-) in fish is 
crucial for the maintenance of internal homeostatic pH levels (Hwang et al., 2011).   Lab 
experiments conducted on brook trout in which trout were exposed to low pH levels (4.4-
5.2) and elevated aluminum levels (111-1000 µg/L) resulted in elevated mortality rates (35-
100%) due to an efflux of Na+ and Cl- from the fish (Booth et al. 1988).  An in situ bioassay 





Neff et al. (2009) illustrated this loss of blood ions.  Brook trout in the study were exposed 
to high streams flows resulting from rain storm events lasting 1-2 days.  Results from the 
bioassay indicated a significant loss of whole-body Na+ concentrations.  Though the study 
did not result in fish mortality, Neff et al. (2009) noted that pH levels during the storm 
events did not reach the lowest levels observed in the study streams.  It is also noted that 
sub-lethal aluminum concentrations can result in fish emigration, which can be problematic 
for fish species like the brook trout which are also constrained by water temperature.  Similar 
to aluminum, iron becomes soluble when pH drops to levels at and below 5 allowing it to 
leach into waterways.  Iron (Fe II) can oxidize (Fe III) and accumulate on fish gills causing 
damage to epithelial cells and disrupting respiration (Teien et al. 2008; Salinova et al., 2014). 
In terms of recruitment, MacAvoy and Bulger (1995) exposed eyed-brook trout eggs, 
in an in situ survey, to stream conditions in three SNP stream; one low ANC (siliciclastic), 
one mid-range ANC (granitic) and one high ANC (basaltic).  Mortality was highest in brook 
trout eggs exposed to low ANC conditions, corresponding to drops instream pH 
experienced during snow melt and significant rain events.  Similarly, high ANC and Ca 
concentrations have been associated with increased Brook trout survivability in a lab setting 
(Teears, 2016).  Specifically, Ca was correlated with larger yolk-sac to whole-body area ratios, 
which were associated with high survivability.  This suggests that recent impacts of stream 
acidification have the potential to impact even relatively acid tolerant species of fish and 
reiterates the role of base cation supply in fish health.   
Brook trout are a species of special concern in the Park due to their ecological role as 
a primary predator and for their value as a target species for Virginia anglers.  The Park 
provides cold water refuge to Brook trout, which are sensitive to elevated stream 





for Brook trout habitat is illustrated by McDonnell et al. (2015).  Predictive models in this 
study, assuming a 2˚C rise in stream temperatures due to climate change, suggest that cold 
water species like Brook trout will face a ‘habitat squeeze’ as pressures from stream 
acidification overlap with pressures from rising stream temperatures.  This two-sided threat 
to cold water habitat in the Park illustrates the continued need to monitor stream 
acidification in these streams.       
The negative physiological effects of acidification, resulting in emigration, low 
recruitment and high mortality, are a major factor in determining fish assemblages.  Baker et 
al. (1996) conducted a survey investigating the effects of episodic acidification on fish 
populations in 13 streams located throughout the Adirondacks, the Catskills, and 
Pennsylvania.  The study observed that streams sensitive to episodic acidification (indicating 
a severe drop in pH) contained no acid-sensitive fish species (Mottled sculpin, Slimy sculpin, 
and Blacknose dace).  Mottled sculpin and Blacknose dace are two species found in 
Shenandoah National Park.  The study suggests that sensitivity to episodic acidification 
results in high mortality or high levels of emigration of acid-sensitive fish species and can 
ultimately result in lowered fish diversity.  In situ tests conducted using black nose dace, 
creek chub, and brook trout (all species found in Shenandoah National Park) conducted by 
Johnson et al. (1987) also found that fish mortality, especially at early life stages, increase as 
stream pH levels reach 5 units or lower.   
A survey of 50 Pennsylvania streams (Heard et al. 1997) compared fish assemblages 
recorded between 1961 and 1971 to those between 1994 and 1995.  Of the 50 streams 
surveyed, 38 experienced a loss of fish species richness and 12 experienced an increase in 
fish species richness.  Streams with declines in species richness also experienced significant 





experienced no change in these variables.  Heard et al. (1997) also notes that decreases in pH 
were also associated with increases in total dissolved aluminum.  This research illustrates the 
potential for the loss of fish species diversity in streams experiencing long term impacts of 
stream acidification. 
A spatial survey of the impacts of stream acidification (Baldigo and Lawrence, 2000) 
investigated differences between 16 streams, of varying acidity, in the Catskill Mountains, 
N.Y.  between 1992 and 1993.  Study streams varied from 4.59 to 6.59 for pH and -27.7 to 
66.2 µeq/L for ANC.  Fish species richness ranged from zero in the most acidified stream 
(pH = 4.59, ANC = -27.7) to six in the least acidified stream (pH = 6.59, ANC = 66.2).  
Baldigo and Lawrence (2000) also found that the greatest fluctuations in aluminum 
concentrations were found in the most acidic streams.  This study illustrates how spatial 
variation in stream acidification can determine fish species assemblages between watersheds.   
 
GEOLOGY OF SHENANDOAH NATIONAL PARK AND WATERSHED 
RESPONSE TO ACID DEPOSITION 
Geologically, there are three major class regions of the Park (fig. 2).  A region of 
amygdaloidal basalt, henceforth referred to as the basaltic region, associated with the 
Catoctin Formation which resulted from basaltic lava flows around 569 MYA (Southworth 
et al., 2009 [A]). These flows metamorphosed into meta-basalt composed mainly of chlorite, 
actinolite, epidote, feldspar, and pyroxene (Southworth et al., 2009 [A], Thornberry-Ehrlich, 
2014).  The formation exists within the Blue Ridge mountains, running south from 
Pennsylvania to southern Virginia near Lynchburg (Reed, 1969).  The relatively high acid 
buffering capacity of the basaltic regions of the Park have been associated with the presences 





(Thornberry-Ehrlich 2014).  Pockets of calcite have also been observed in basaltic regions of 
formations called amygdules (Southworth et al., 2009 [A], Reed, 1969).  Amygdules are 
created when hollow pockets are formed in lava flows as gas attempts to escape from the 
magma.  Upon cooling these fixtures can become permanent and eventually can be filled 
with secondary minerals. 
 The Chilhowee group, hence forth referred to as the siliciclastic region, makes up a 
geological class of the Park located primarily on the west slope of the Park and is dated to 
between 455 and 515 million years.  The group in composed of three formations: the 
Weverton, Harpers, and Antietam formations (Southworth et al., 2009 [B]).  The Weverton 
formation is composed of quartz metasandstone and quartzose phyllite.  The Harpers 
formation is composed of phyllite and meta sandstone.  The Antietam formation is 






is composed of multiple igneous rock formations consisting of granitoid gneiss and granitoid 
formed between 1 and 1.2 billion years ago (Southworth et al. 2009 [B]).  This region is 
hence forth referred to as the granitic region.   
 The composition and weathering rates result in variation in ANC within the three 
bedrock classes such that siliciclastic regions provide the lowest ANC, followed by granitic 
regions which have relatively moderated ANC levels, and basaltic regions, with calcite filled 
voids,  which provide the highest ANC (Bricker and Rice, 1989; Deviney et al., 2006; 
Sullivan et al. 2007).  This relationship between bedrock and ANC produces a gradient of 
stream response to acidification in which watersheds associated with low ANC regions have 
lower stream pH and watersheds associated with higher ANC regions have higher pH.     
 
TRENDS IN STREAM ACIDIFICATION IN SHENANDOAH NATIONAL PARK 
The Clean Air Act (1970) and an Amendment to the Clean Air Act in 1990 were 
aimed at reducing sulfur dioxide (SO₂) and nitrogen oxide (NOx) emissions from power 
plants and motor vehicle, placing a cap on emissions at 8.9 million tons annually, a reduction 
of 10 million tons when compare to emissions in 1980.  Phase 1 of the Amendment was 
enacted in 1995, placing restrictions on 21 of the largest coal-burning power plants in the 
eastern and mid-western United States.  Phase 2 was implemented in 2000, restricting 
emissions from smaller coal, gas and oil burning plants.  Between 1990 and 2000 sulfur 
dioxide emission fell from 15.7 million tons to 11.2 million tons and by 2013 emissions had 
fallen to 3.2 million tons (EPA, 2001; EPA, 2013), resulting in declines in sulfate deposition 






Likens et al. (2001) observed that decreases in sulfur dioxide emissions associated with phase 
1 in 1995 were correlated with declines in sulfate deposition in experimental watersheds in 
New Hampshire, noting also though that, these declines were not unusual in the scope of 
long term temporal trends (1965-1999) associated with the introduction of the Clean Air Act 
in 1970.  Similar trends were observed within Shenandoah National Park where Sullivan et 
al. (2003) identified decreases sulfate and nitrate deposition trends from 1988-2003.  
Declines in sulfate deposition did not translate to declines of in-stream sulfate in all 
cases.  Jastram et al. (2013) identified increasing stream sulfate trends in granitic watersheds 
in Shenandoah National Park between 1996 and 2009.  Conversely, decreasing stream sulfate 
trends were observed in siliciclastic and basaltic watersheds.  The study also observed that 
pH increased in all study watersheds and that ANC trends varied between the three 
watershed classes with siliciclastic watersheds generally indicating decreases in ANC, granitic 
watersheds split between increasing and decreasing trends and basaltic watersheds indicating 
increases in ANC.  Jastram et al. (2013) interpret these trends as indicating improvement in 






These trends are echoed by Robison et al. (2013), which surveyed 64 streams in 
western Virginia from 1987-2011 including streams in SNP, and found overall negative 
trends in ANC that were primarily associated with streams in siliciclastic regions but also that 
positive trends in stream pH existed across streams of all bedrock classes.  Robison et al. 
(2013) suggested that persistently low-ANC numbers in siliciclastic watersheds, in light of 
increases in pH and decreases in sulfate deposition, are due to the past depletion of the base 
cation pool in the soil due to acid deposition and the aforementioned lag effect associated 
with sulfate retention.  In addition to these trends, the study identified higher sulfate 
mobility in basaltic and siliciclastic watersheds when compared to granitic watersheds.  This 
was represented by higher initial stream SO4 concentrations and significant decreases in SO4 
found in both classes of watershed compared to lower SO4 and the absence of change in 
granitic watersheds.  Robison et al. (2013) suggests that observed decreases in stream sulfate 
levels in siliciclastic and basaltic regions were due to relatively lower soil sulfur retention, 
which allows increased mobility of sulfate from the watershed into the stream.  This should 
result in a faster response to decreased sulfate deposition in siliciclastic and basaltic streams 
relative to granitic streams (Robison et al, 2013).  Though these observed SO4 trends suggest 
recovery, when compared to watersheds in the north eastern United States and south eastern 
Canada, which experienced the last glaciation event, the SO4 retention associated with Park 
watersheds has resulted in a lagged response to declines in SO4 deposition.  An analysis by 
Rice et al. (2014) predicted that some Park stream will not shed previous deposition until 
2021.   
Nitrate, though readily consumed by biological functions such as plant growth in the 
summer months, can also play a role in observed acidification trends.  Between 1988 and 





gypsy moth (Lymantri dispar) outbreak (Eshleman et al., 2001).  Webb et al. (2004) suggest 
that, though SO4 is the major contributor to acidification in the Park, an increase in the 
availability of the acidifying anion NO3 due to a lack of its consumption by defoliated trees 
would negatively impact the ANC of effected watersheds.  A spike in observed stream 
nitrate concentrations from near zero, pre-defoliation, to an average of 3.6 µ eq/L, during 
defoliation, indicate an increased availability of the compound to Park watersheds (Eshleman 
et al. 2001; Webb et al. 2004).  Webb et al (2004) suggest that observed recovery trends in 
Park streams between 1988 and 2001 could be associated with the decline of the gypsy moth 
infestation and the recovery of the Park forest.  The study notes that this sudden spike and 
decline in NO3 could complicate analysis of the relationship between sulfate emissions and 
Park acidification.   
Similar to lagged responses to decreases in SO4 deposition in Park watersheds, slow 
recovery from the observed increases in NO3 concentrations (1988-1992) are associated with 
increased retention.  Riscassi and Scanlon (2009) reported that typical recovery from 
disturbance to the nitrogen cycle, in the form of deforestation or defoliation, can take up to 
three years.  Recovery from defoliation in the Park extended more than ten years beyond the 
end of the gypsy moth outbreak.  The study suggests that lagging trends observed in stream 
samples are linked to longer NO3 residency times in ground water which is also influenced 
by inputs from soil water.  Of the three Park streams investigated by Riscassi and Scanlon 
(2009), two indicated no significant changes in NO3 from 1992-2004 (post-defoliation). 
The positive trends in pH observed in Park streams seem to run counterintuitive to 
declines in ANC observed in siliciclastic streams and some granitic streams.  When taken in 
context of the Parks ability to retain a reservoir of deposited acidifying compounds though, 





base-rich regions of the Park indicate an ability to cope with the persistence of the 
compounds, base-poor regions potentially have exhausted available buffering capacity and 
remain sensitive to stream acidification.  As suggested by Rice et al. (2014), more time may 
be required before recovery trends are evident in some of the more sensitive streams.             
 
FISH RESPONSE TO ACIDIFICATION IN SHENANDOAH NATIONAL PARK 
Corresponding to the implementation of the 1990 amendment to the Clean Air Act 
in 1995, Bulger et al. (1995) investigated the relationship between fish species richness and 
water chemistry in thirteen Shenandoah National Park streams.  The 13 streams were 
distributed across the three major bed rock classes of the Park: five siliciclastic watersheds, 
four granitic watersheds and four basaltic watersheds.  The study identified minimum ANC 
as the best predictor of fish species richness in the study streams (fig. 4).  The relationship 
was such that siliciclastic watersheds supported the least fish species (1 to 3 species), granitic  
 
watersheds with intermediate fish species richness (3 to 6 species), and basaltic watersheds 





regulation of sulfur emissions, fish species richness as largely determined by stream response 
to episodic acidification.  Bulger et al. (1995) notes that the low species richness found in 
Meadow Run (siliciclastic), composed of a single species (Brook trout) is a result of the 
recent loss of Blacknose dace.  Similar spatial trends in the Park were identified by Jastram et 
al. (2013), though negative temporal trends in fish species richness were not identified 
between 1996 and 2009.  Jastram et al. (2013) observed that increases in fish species richness 
were primarily in granitic and basaltic watersheds.  Siliciclastic watersheds indicated no 
trends in fish species richness.   
 
THE INFLUENCE OF WATERSHEDS CHARATERISTICS ON FISH SPECIES 
RICHNESS IN THE PARK 
 Watershed characteristics have also been shown to affect species richness.  Baldigo 
and Lawrence (2000) conducted a study of the effects of stream acidity and habitat 
composition of fish communities in 16 sites contained in the Neversink River, NY.  Though 
stream acidification was a strong determinant of variation in fish species richness, watershed 
area also accounted for a large portion of variability.  Similarly, in Shenandoah National 
Park, Jastram et al. (2013) found that there was a significant correlation between fish species 
richness and watershed area such that increased watershed area was associated with 
increased fish species richness.  It is predicted that any model used to predicted fish species 
richness should also include watershed area as a predictor.     
 The presence of dams has been shown to resulted in decreased fish species richness 
numbers upstream compared to below dams (Porto et al., 1999; Catalano et al., 2007).  The 
removal of physical barriers such as dams has been shown to effect up stream fish 





River in 2004, resulting in a more than two-fold increase in American Eel abundance in 
Shenandoah National Park streams (Hitt et al., 2012).  Taking the removal of this particular 
dam into consideration, there exists the potential for headwater streams associated with the 
Rappahannock River to experience changes in fish assemblages and fish species richness.  
 
REVEALING THE CURRENT RELATIONSHIP BETWEEN STREAM 
ACIDIFICATION AND FISH SPECIES RICHNESS 
The first objective of this survey was to determine the current relationship 
between fish species richness and minimum ANC, and to identify changes in said 
relationship in the past two decades.  Previous research into the impacts of stream 
acidification on fish species in the Park and the continued monitoring of stream water 
chemistry by the Shenandoah Watershed Study (University of Virginia) make it possible to 
observe changes in the relationship between fish species richness and stream acidification 
over the past two decades.  Research conducted from 1992-1995 (Bulger et al. 1995), 
establishing a significant relationship between fish species richness and minimum ANC, 
provided an adequate baseline for comparison, corresponding to the 1995 implementation of 
the 1990 Clean Air Act amendment limiting power plant emissions.  By replicating this 
research in 2016, this study was able to identify changes in this relationship in light of 
reductions in acid deposition within the Park.  It was anticipated that decreased impacts of 
stream acidification on fish species richness would reduce the predictability of fish species 
richness by minimum ANC, represented by a lower R2 value in comparison to Bulger et al. 
(1995).  The anticipated result would be due to a reduction in ANC variability and fish 





classes would be indicated by differences in slopes and/or y-intercepts between the 1995 and 
current analysis.   
The second objective of this survey was to investigate multiple factors 
influencing fish species richness in the thirteen study streams.  As such, a statistical 
model using water chemistry characteristics associated with stream acidification (ANC, SO4 
and NO3) as well as watershed characteristics that have been shown to influence fish species 
richness (watershed area and channel slope) was identified.  This analysis was also conducted 
for total fish biomass (g/m2).  The negative effects of acidification in both fish species 
richness and total fish biomass, identified by Baldigo and Lawrence (2000), suggest that it 
would be informative to use both indices to evaluate the impact of acidification.  This 
additional analysis could suggest how fish assemblages differ between study streams beyond 
the number of species present.       
A third objective in this survey was to identify trends in water chemistry over 
the past two decades.  Trends in water chemistry associated with stream acidification were 
analyzed for the period between the 1995 study and this study (1996-2015).  This analysis 
was conducted to investigate how watersheds associated with the three bedrock classes were 
responding to decreases in acid deposition.  Given the potential for changes in the fish 
species/ANC relationship, the analysis would also serve to highlight how these changes 
could be linked to each watersheds chemistry.  It was anticipated that any increase in fish 
species richness would be associated with positive trends in ANC and pH.  Conversely, it 
was anticipated that any decreases in fish species richness would be associated with negative 
trends in ANC and pH.  Though negative trends in SO4 and NO3 were anticipated, it was 
acknowledged that the retention of these compounds in Park watersheds may add variability 





The final objective of this survey was to investigate the efficacy of expanded 
fish sampling reach beyond the 100-meter sample reaches currently used in the Park.  
The efficacy of three fish sampling reach length was investigated in 100, 200, and 300-meter 
reaches.  Current fish sampling reaches in the Park are around 100-meters, based on the 
presence of habitat structures (pool/riffle) and the need to monitor multiple streams 
throughout the Park.  Studies have indicated that sample reaches larger than 100 meters are 
required to effectively account for total species richness of a stream (Angermeier and 
Smogor, 1995; Patton et al. 2000; Reynolds et al. 2003).  In addition to providing multiple 
sampling reach lengths for comparison, the expanded sampling reaches also provided more 





To allow for comparison, the thirteen streams previously surveyed by Bulger et al. 
(1995) were investigated (fig. 5).  The exact location of fish and water chemistry locations 
used in the 1995 survey could not be identified.  It was determined that fish and water 
sampling reaches nearest the Park boundary would provide the best picture of each of the 
study watersheds.  All fish and water chemistry sampling locations were collocated.  The 
study streams were composed of five siliciclastic watersheds, four granitic watersheds and 
four basaltic watersheds, representing the three ranges of ANC found in Park streams.  All 






 23.7 km2 (tbl. 1).  Siliciclastic streams included Paine Run, Meadow Run, Two-Mile Run, 
White Oak Run, and Madison Run.  Granitic streams included Broken Back Run, Hazel 
River, North Fork Dry Run and Staunton River.  Basaltic streams were represented by 
Jeremy’s Run, North Fork Thornton River, Piney River, and Rose River.  Three of the four 
basaltic streams (Piney River, North Fork Thornton and Rose River) and three of the four 
granitic streams (Broken Back Run, Hazel River and Staunton River) are located on the 
eastern slope of the Park, ultimately draining into the Rappahannock River.  All five of the 
siliciclastic streams, one basaltic stream (Jeremy’s Run) and one granitic stream (North Fork 
Dry Run) are located on the western slope of the Park and drain into the South Fork 





been observed to go intermittent in the summer season (personal correspondence, David 




 Water chemistry was collected on a weekly and quarterly basis by the Shenandoah 
Watershed Study (SWAS) from the University of Virginia (tbl. 1) and include ANC, pH, 
specific conductivity, temperature, base cations and acid anions.  Three streams (Paine Run, 
Piney River, and Staunton River) are also sampled on an episodic basis (high flow events).  
Study streams were extracted from the on-line SWAS dataset and organized into a separate 





1987 to 2015, with the exception of Madison Run and White Oak Run which began in 1981 
and 1979, respectively.  Water sample locations closest to the Park boundary were chosen to 
represent conditions found in all of each watershed located within the Park (tbl. A1).    
Changes in instrumentation and methods occurred in October 2005 for base cation 
and acid anion measurements and in October 2006 for pH and ANC measurements.  Water 
chemistry in the SWAS database has been retrospectively adjusted to correspond to the new 
methods and instrumentation (documentation available at: 
http://people.virginia.edu/~swas).  For this reason, comparison to previous research 
(Bulger et al. 1995) required replication of the previous research using adjusted SWAS data.  
To accomplish this, minimum ANC values used in the Bulger et al. (1995) survey (1989-
1995) were replaced with minimum ANC values from the adjusted SWAS dataset from the 
corresponding time frame.    
FISH SAMPLING 
 Fish sampling was conducted between May and August, 2016.  Fish sampling 
locations were collocated with SWAS water sampling locations nearest the Park boundary.  
Sample reaches consisted of a 300-meter reach composed of 3 adjacent 100 meter sub-
reaches.  Within each sub-reach collection was done with three pass electrofishing 
depletions.  During sampling, sub-reaches were cordoned off using block nets.  Sampling 
was done using a backpack electrofishing unit (Smith Root LR-24) with two to three 
personnel collecting specimens with dip nets.  The number of netters depended on the 
terrain and the width of the stream.  One netter carried a five-gallon, insulated handle bucket 
to hold specimens in stream water during each pass.  Upon completion of each pass the 





levels.  Brook Trout and American Eels were removed from the bucket and kept in live wells 
located outside of the 100-m sub-reach.   
 Fish collected within each pass were processed separately.  All fish were identified to 
species.  Total wet-mass was measured for all non-game species along with the minimum 
and maximum length for each species.  Brook trout and American eels were weighed and 
measured individually, with one exception in the third sub-reach of Rose River when the 
field balance malfunctioned and mass data for this sub-reach is was not included in the 
analysis.  Weight for American Eels collected in this pass were estimated using simple linear 
regression and a power best fit line using eel mass and length data from the previous two 
sub-reaches.  Once all fish for a sub-reach had been processed they were returned to the 
sub-reach from which they were collected before beginning collection in the next sub-reach.  
The first 100-m sub-reach of all sample streams except Hazel River, Jeremy’s Run and 
Madison Run were sampled by Shenandoah National Park Staff (Dave Demarest) on the 
same day.  All other reaches were sampled by James Madison University personnel. 
CHANNEL REACH MORPHOLOGY 
 Wetted widths were measured at four equidistant (estimated) locations within each 
sub-reach.  Channel slope was measured using a clinometer at the furthest distance within 
each sub-reach that the clinometer operator could observe a reference individual.  Slope and 
a visual assessment of channel morphology were used to classify each sub-reach according to 
Montgomery and Buffington (1997) (tbl. A2).  By this metric, slopes (measured in m/m) 
below 0.015 suggest pool-riffle morphology, between 0.015 and 0.03 suggests plane bed 
morphology, between 0.03 and 0.065 suggests step-pool morphology and slopes greater than 





using Arc GIS (v.10.3).  Stream power was determined by multiplying watershed area by 
average channel slope within the three 100-m sub-reaches.                    
STATISTICAL ANALYSIS 
ACID NUETRALIZING CAPACITY AND FISH SPECIES RICHNESS 
All statistical analysis was performed in R (v.3.2.5).  Bulger et al. (1995) defined the 
relationship between fish species richness and minimum ANC in the 13 study streams using 
fish species data collected from 1992-1995.  Collection methods varied between basin-wide 
visual estimation technique in 1994 (Dolloff and Underwood, 1995), 100-m single pass 
sampling from 1989-1994, and 100-m three pass depletions in 1995.  Analysis performed in 
1995 comparing the relationship between fish species richness and minimum ANC was 
replicated using simple linear regression comparing fish species richness numbers from 
Bulger et al. (1995) and retrospectively adjusted minimum ANC values from 1989-1995.  
Linear regression was performed with and without episodic data to determine if the 
inclusion of episodic data had an effect on the analysis.  Regression slopes and y-intercepts 
were compared using multiple linear regression with the addition of an interaction term for 
data type (species richness*episodic).   
To assess the suitability of the replicated dataset for further analysis, the regression 
slopes and y-intercepts of the resulting relationships were compared to the original 
relationship reported in Bulger et al. (1995) using multiple linear regression.  No difference 
was found between the slopes and y-intercepts of the original relationship and the replication 
using episodic data (p=0.78; p=0.78, respectively) or the slopes and y-intercepts of the 





(fig. B1).  For this reason, the replication using episodic data was used to represent the 
relationship between minimum ANC and fish species richness in 1995 in further analysis. 
 Simple linear regression was used to analyze the relationship between minimum 
ANC (1996-2015) and fish species richness in 2016.  Analysis was conducted with and 
without episodic data to determine if the inclusion of episodic data had an effect on the 
analysis.  Multiple linear regression was used to determine if there was a difference between 
the regression slopes and y-intercepts of the episodic and non-episodic regressions.    
COMPARING 1995 to 2016 
Changes in the relationship between fish species richness and minimum ANC 
between the 1995 analysis and the current study where compared using multiple linear 
regression with the addition of an interaction term for year (species richness*year).  Separate 
multiple linear regressions were conducted using both fish species richness numbers from 
the first 100-m sub-reach and the 300-m reaches in 2016 to evaluate any differences due to 
sampling techniques.  Effect size between the two sampling periods was established by 
dividing the difference in fish species richness between the current analysis and the 1995 
analysis by the fish species richness from the current study.  This was done at five intervals 
along the ANC axis (25, 75, 125, 150 and 175 µeq/L) to observe changes in effect size along 
the ANC spectrum.  This analysis was conducted using the both the 100-meter sub-reach 
and the 300-meter reach from the current survey.  Though diversity indices that account for 
species richness and eveness are a useful tool for comparing temporal changes in fish 
assemblages, they were not used in this study due to the low number of species associated 






VARIABLES AFFECTING FISH SPECIES RICHNESS AND TOTAL FISH BIOMASS      
(1996-2016) 
 Statistical models were constructed in an effort to use data from the thirteen study 
streams to predict fish species richness and total fish biomass in streams across the Park.  It 
was expected that median ANC may be a more useful predictor of fish sensitivity to stream 
acidification than minimum ANC in this survey as the median may account for both 
episodic and chronic effects of acidification, especially with sparse data sets where episodic 
data may not be captured.  Shapiro-Wilkes tests indicated that the distributions of ANC data 
collected at various time intervals were not normally distributed, except for two streams; 
Hazel River and Meadow Run.  For this reason, the median ANC for the study streams was 
assumed to represent baseline ANC.  Median and minimum ANC values were plotted 
against each other with a one-to-one reference line (fig. 6).  Results indicated that minimum 
ANC diverges from the median ANC as median ANC increases such that increasing median 
ANC correspond to lower minimum ANC.  Given the variety of ANC values encountered 
in this study it was determined that median ANC would be a better representative of ANC 
used for this analysis.  Simple linear regression was used to determine the relationship 






 A statistical model was developed to investigate variables affecting fish species 
richness and total fish biomass observed in 2016.  Stepwise regression was used to analyze 
factors influencing fish species richness in 2016.   Predictors included median ANC, 
maximum SO4 and maximum NO3 from 1996-2015 and stream power (channel slope x 
watershed area) (tbl. A2 and A3).  Stream power was selected to control for the correlation 
between watershed area and ANC (r=0.71).  Stepwise analysis was repeated using total fish 
biomass as the response variable.  Total fish biomass was calculated using the total wet 
weigh (g) for all fish species captured in a 300-meter reach and the area of the sample reach 







TEMPORAL WATER CHEMISTRY TRENDS  
The Seasonal Mann-Kendall test was used to evaluate changes in water chemistry 
between 1996 and 2016 as well as 1981 and 2016.  The Seasonal Mann-Kendall test is a non-
parametric analysis which accounts for seasonal variability in a data set.  This test was chosen 
to account for variations in water chemistry that can exist between the spring, summer, fall 
and winter seasons.  Water chemistry data for the analysis was limited to quarterly samples to 
create a common sample regime between the 13 watersheds and to fit the seasonal 
constraints of the Seasonal Mann-Kendall analysis.  This was done by removing weekly and 
episodic samples from the SWAS data set.  In situations where SWAS data was not explicitly 
labeled as quarterly samples, a sample was chosen from the data set that corresponded to 
other quarterly sample dates in an individual stream’s data set.  Analysis observed changes in 
pH, ANC, SO4, and NO3.  Slopes for each water chemistry constituent were identified using 
Sen’s slope, a non-parametric measurement of slope corresponding to the Season Mann-
Kendall test.   
FISH SAMPLING EFFICACY       
 The effectiveness of expanded fish sampling reaches was analyzed by calculating the 
percent of fish captured within each sample reach for each stream.  For this analysis, the 
total number of fish captured in the 300-m pass assumed a 100% capture efficacy.  This 
method was used to identify how likely underestimation may occur given a 100, 200 or 300-
meter sample reach.  A scatter plot was constructed comparing fish species richness 
collected in 100-meter sample reaches to the corresponding fish species richness using 300-







ACID NEUTRALIZING CAPACITY AND FISH SPECIES RICHNESS  
  The replication of the relationship between minimum ANC (1989-1995) and fish 
species richness (1992-1995), as described by Bulger et al. (1995), resulted in a significant 
relationship between the two variables such that fish species richness increases as minimum 
ANC values increase (R2 = 0.76, p < 0.0001) (fig. 7A).  Similar results were found in an 
analysis that excluded episodic data (R2 = 0.76, p < 0.0001) (fig. 7B).  There was no 
significant difference between the slopes (p=0.97) and y-intercepts (0.97) of the two 
regressions. 
Fish species richness in 1995 ranged from a single species to nine species (tbl. A4).  
Brook trout and Blacknose dace were the primary fish species found in the 13 study streams 
from the original study in 1992-1995 (Fig. 8).  Brook trout were found in all streams whereas 
Blacknose dace were found in all streams except Meadow Run, reflecting the recent loss of 
the species (Bulger et al. 1995).  Fish species found only in basaltic watersheds included 
Bluehead and River chubs, Tessellated darters, and White suckers.  Fish species found only 
in granitic watersheds included Torrent suckers, Fallfish, and Brown trout (non-native).  
There were no species of fish found uniquely in siliciclastic watersheds.  The distribution of 
fish species across bedrock classes during the time period of the original study increased 
along the ANC gradient of the watersheds such that siliciclastic watersheds supported the 
lowest number of species (1-5), granitic watersheds supported the next highest number of 











Simple linear regression resulted in a significant relationship between fish species 
richness in 300-m reaches (2016) and minimum ANC values for the 13 study streams from 
1996-2016 (R2 = 0.87, p <0.001) (fig. 9A).  Similar results were found in the same analysis 
excluding episodic sample data (R2 = 0.89, p < 0.0001) (fig. 9B).  There was no significant 






 A total of 20 species of fish were identified in the 2016 survey (tbl. A5). Brook trout and 
Blacknose dace were found in all 13 of the study streams in 2016.  This, potentially, signifies 
the return of Blacknose dace to Meadow Run (siliciclastic), which were absent or undetected 





represented by a single individual.  Fish species only found in basaltic watersheds included 
White suckers, Tessellated darters, Cutlip minnows, Mountain Redbelly dace, Central stone-
rollers, Brown trout, Rainbow trout, Mottled sculpin, River chubs and Brook lamprey.  Five 
of these species were detected in 2016 that were not observed in the 1995 survey.  Cutlip 
minnows, Mountain Redbelly dace, Central stone-rollers, Rainbow trout and Brook lamprey 
represent additions to the current species list for the study streams.  Consistent with the 
original study, no fish species were uniquely found in siliciclastic or granitic watersheds.   
           The distribution of fish species across bedrock classes in 2016 was similar to that of 
1995 in that the total number of observed species between the three bedrock classes of 
watershed increase from siliciclastic watersheds to granitic watersheds to basaltic watersheds 
(fig. 10 and tbl. A6).  
 
  No change in fish species richness occurred in siliciclastic watersheds as a whole, 





observed in granitic watersheds since the addition of Bluehead chub and Torrent suckers 
were offset by the loss of Fallfish and Rosyside dace.  Fish species richness in the basaltic 
watershed class increased to 20 from 14 with the addition of Brook lamprey, Central stone-
rollers, Cutlip minnows, Mountain Redbelly dace, Rainbow trout and White suckers.  Creek 
chubs previously found in Piney River and River chubs previously found in North Fork 
Thornton River were not found in 2016, though the loss of these species was offset by their 
appearance in Jeremy’s Run and Piney River (respectively).    
COMPARING 1995 TO 2016 
    Comparisons between the current and past relationship between fish species 
richness and ANC were conducted using both 100-m richness and 300-m richness from 
2016.  This was done to test if there was a change in the analysis between the 1995 
regression and the 2016 regression due to variation in reach length.  Differences between the 
100-meter reach length and 300-meter reach length regressions were investigated using 
multiple regression analysis.  No significant difference was found between the slopes and y-
intercepts of fish species richness and ANC relationships in 2016 using the 100-m and the 
300-m sample reach (p=0.96; p=0.55, respectively) (fig. B2). 
Changes in the relationship between fish species richness and minimum ANC 
between 1995 and 2016 occurred primarily in basaltic watersheds.  As minimum ANC 
increases the increase in fish species richness becomes larger (fig. 11).  A significant 
difference in slope was found between the 1995 analysis and the 2016 analysis using a 100-
meter sample reach (p=0.012), and the 1995 analysis and the 2016 analysis using the 300-m 
reach (p=0.019).  Both the 100-m and 300-m analyses indicated no significant difference in 





size increased from 3-26% in using the 100-m reach and 14-30% using the 300-m reach 
along the ANC intervals ranging from 25 to 175 µeq/L, illustrating the increases in species 








 MEDIAN ANC, FISH SPECIES RICHNESS AND TOTAL FISH BIOMASS 
               Bulger et al. (1995) used an analysis based upon minimum ANC to represent the 
potential for episodic events to acidify streams.  In the current study, median ANC was used 
to represent base line ANC, representing conditions corresponding to chronic and episodic 
acidification in the study streams (see methods section, fig. 6).  Results from simple linear 
regression using median ANC and fish species richness (2016) indicate a significant 
relationship similar to the relationship between fish species richness minimum ANC (R2 = 






species richness.  Higher median ANC concentrations were observed in one siliciclastic 
stream (Meadow Run).  These levels corresponded to elevated fish species richness. 
Simple linear regression of the relationship between total fish biomass (g/m²) and 
median ANC indicated trends similar to fish species richness analysis (R2=0.54, p=0.004) 
(fig. 13).  Lower median ANC values found are associated with lower total fish biomass, 
which ranged from 0.98 g/m² in Meadow Run to 8.9 g/m² in Rose River (tbl. A7).  
Siliciclastic streams indicate the lowest total fish biomass, followed by granitic streams with 
the next highest and basaltic streams with the highest total fish biomass.  A notable 
exception to this relationship was observed in Madison Run (siliciclastic) where median 







VARIABLES EFFECTING FISH SPECIES RICHNESS (1996-2016)   
A statistical model was constructed to identify the water chemistry and watershed 
characteristics that best predict the variability in fish species richness among the thirteen 
study streams.  Initial predictors included median ANC, maximum SO₄, maximum NO₃ and 
stream power (fig. B2).  These variables account for the primary water chemistry 
constituents impacting stream acidification as well as watershed area (via stream power) 
which has been shown to predict fish species richness.  Stepwise regression produced a 
significant model predicting fish species richness (2016) with maximum SO4, median ANC, 
and stream power as predictor variables (Adj. R2 = 0.94, p < 0.0001) (tbl.3).  The fish species 
model is as follows:  
y=0.039(Median ANC) + 0.014(Maximum SO₄) + 3.52e-6(Stream Power) 
This model predicts 94% of the variability observed in fish species richness, 
compared to 87% in the simple linear regression model (fig. 12).   
 
VARIABLES EFFECTING TOTAL FISH BIOMASS (1996-2016) 
A statistical model was constructed to identify the water chemistry and watershed 





streams.  Initial predictors for this model were the same as previously mentioned in the fish 
species richness model (fig. B3).  Stepwise regression produced a significant model 
predicting total fish biomass (g/m2) with maximum NO3, median ANC, and stream power 
as predictor variables (Adj. R2 = 0.68, p=0.004) (tbl. 4).  This model predicted 68% of fish 
species richness, compared to 54% in the simple linear regression model (fig 13).   The total 
fish biomass model is as follows: 
y=0.018(Median ANC) + 0.022(Maximum NO₃) + 3.4 e-6(Stream Power) 
 
 
THE ROLE OF WATERSHED AREA 
Results from the step wise regression, as well as results from previous studies 
(Baldigo and Lawrence, 2000; Jastram et al. 2013), suggest that watershed area is a good 
predictor of fish species richness and total fish biomass.  Stepwise regression identified 
watershed area, by way of stream power, as a predictor of fish species richness in the thirteen 
study streams (fig. B4).  When analyzed separately with simple linear regression, watershed 
area predicts both fish species richness (R2=0.60, p =0.001) and total fish biomass (R2=0.34, 





richness and total fish biomass (fig. 14).  Given the role of watershed area in these two 
relationships, an attempt was made to normalize the data based on fish species richness per 
 
 watershed area (km²) and total fish biomass per watershed area (km²).  No significant 





(R²=0.18, p=0.11) or total biomass per watershed area (R²=-0.09, p=0.95) (fig. B6).  Based 
on these results, variables normalized for watershed area were not included in further 
analysis.   
TEMPORAL WATER CHEMISTRY TRENDS (1996-2015) 
There were no statistically significant changes in ANC between 1996 and 2015, based 
on the Seasonal Kendall test, though increasing trends were observed in all basaltic 
watersheds and all granitic watersheds except for Staunton River.  In the siliciclastic 
watersheds, Madison Run and Whiteoak Run indicated non-significant increases in ANC 
whereas Two-Mile Run, Paine Run and Meadow Run indicated non-significant decreases in 






 were significant increases in pH for all study streams except Paine Run.  Average increases 
ranged from the lowest in siliciclastic streams (0.0024) to highest in basaltic streams (0.0059).  
The average increase in pH in granitic streams was 0.0049.   
                Negative trends in SO₄ were observed in all study streams (fig. 15).  Significant 
declines in SO4 were observed in two siliciclastic streams: Paine Run (p<0.001) and Madison 
Run (p=0.05).  One granitic stream, North Fork Dry Run, and one basaltic stream, Jeremy’s 
Run, indicated significant decreases in SO4 (p=0.01 and p<0.001, respectively).  Averages 
declines in SO4 concentrations ranged from the lowest in granitic streams (0.033 µeq/L) to 
the highest in basaltic streams (0.15 µeq/L).  Declines in siliciclastic streams averaged 0.074 
µeq/L.  Significant declines in NO3 concentrations were observed in all thirteen study 
streams.  Average declines ranged from the lowest in siliciclastic streams (0.076 µeq/L) to 
the highest in basaltic streams (0.16 µeq/L).  Declines in granitic streams averaged 0.15 
µeq/L). 
 TEMPORAL WATER CHEMISTRY TRENDS (1987-2015) 
 With long term trend analysis (1987-2015) changes in ANC, pH, SO4 and NO3 were 
observed (fig. 16).  Trends in ANC were statistically non-significant with the exception of a 
0.028 µeq/L decline in Meadow Run (p = 0.01).  Trends were primarily negative in 
siliciclastic watersheds with the exception of White Oak Run.  Trends in ANC in granitic 
streams were split, with two streams (Staunton River and North Fork Dry Run) indicating 
negative trends and two streams (Broken-Back Run and Hazel River) indicating positive 
trends.  Positive trends in ANC were observed in all four basaltic streams and were higher 
than those observed in both siliciclastic and granitic streams, with an average increase of 0.26 





Run, which increased but not significantly.  Average increases in pH ranged from lowest in 
siliciclastic streams (0.0016) to the highest in basaltic streams (0.0026).  The average increase 
in pH within granitic streams was 0.0021.   
 Trends in SO4 and NO3 declined in all watersheds with the exception of a significant 
positive trend in SO4 in Staunton River (p<0.001) (fig. 16).  Significant negative trends were 
 
 observed in three siliciclastic streams: Two-Mile Run, Madison Run, and Paine Run 
(p=0.03, 0.01, and 0.0001, respectively).  One granitic stream, North Fork Dry Run, 
indicated a significant decrease in SO4 (p<0.0001).  One basaltic stream (Jeremy’s Run) 





in siliciclastic, granitic and basaltic streams with declines averaging 0.071, 0.088 and 0.19 
µeq/L respectively.       
FISH SAMPLING EFFICACY 
 An increase in the length of fish sampling reaches beyond 100-meters resulted in the 
capture of additional species of fish during sampling in five of the thirteen streams, resulting 
in an underestimation of species richness 38% of the time.  Species capture was increased in 
two streams (Piney River and Madison Run) by increasing the sampling reach to 200-meters; 
whereas in three streams (White Oak Run, Meadow Run and Rose River) species captured 
was increased by increasing the sampling reach to 300-m (fig. 17).  Assuming that all fish 
captured in the 300-m reach represent 100% detection of the fish species present, 100-meter 
sampling reaches were successful in capturing 100% of the fish species in 8 out of 13 
streams (62%). When sampling was expanded to 200-meters, sampling was 100% successful 







 Species richness was underestimated by a single species of fish in four streams and 
two species of fish in one stream (fig. 18).  With the exception of Creek chubs observed in 
Madison Run, all new species observed beyond to initial 100-meter reach were represented 
by low abundance (tbl A7).  Increased species richness was represented by a single Blacknose 
dace in Meadow Run, a single Creek chub in Whiteoak Run and a single Rainbow trout 
(non-native) in Rose River.  Two Tessellated darters and four River chubs represented 








 It was hypothesized that, in response to limitations placed on sulfur emissions and 
the subsequent increase in the pH of rainfall and decrease in SO4 deposition (fig. 3), that, 
after two decades, these would result in positive outcomes in Shenandoah National Park 
streams.  These anticipated positive outcomes included increases in stream pH and ANC as 
well as decreases in stream SO4 and NO3 concentrations.  It was further anticipated that 
these positive responses would result in an increase in fish species richness, as the negative 
impacts of stream acidification move away from tolerable thresholds for Park fish.  This 
would be evident with a decrease in the ability of stream’s acidification response to predict 
fish assemblages.  Specifically, for this to be true it would be expected that the relationship 
between fish species richness and minimum ANC would have changed from the high 
predictability (R2=0.78) found in 1995 by Bulger et al. (1995) to a lower predictability.  It was 
also suggested that this would lead to an increased relationship between fish species richness 
and stream power (watershed area*channel slope), as the number of species present become 
more dependent on watershed morphology than watershed chemistry.  This study found this 
not to be the case.   
 In contrast to our original expectations, the current relationship between fish species 
richness and ANC provided more predictability in terms of stream acidification (fig. 9).  
When using only the 100-meter data from this study, assumed to more closely resemble the 
original 1995 study (Bulger et al., 1995), declines in fish species richness in two siliciclastic 
streams and increases in fish species richness in all four basaltic streams resulted in a higher 
predictability (R2=90, fig 11).  These declines in fish species richness, though, are not present 





was found that species richness in siliciclastic and granitic streams either remained constant 
from 1995 to 2016, or in the case of Meadow Run, increased by one species.    
 Despite differences in sampling accuracy, both methods of sampling (100-m and 
300-m) resulted in a closer relationship between fish species richness and minimum ANC in 
2016 than in 1995 (fig 11).  This suggests that stream response to acidification is still the 
main determinant of fish assemblages in the Park especially in streams sensitive to acid 
inputs.  Given the greater capacity for acid neutralization in basaltic streams and thus the 
best relative response to past acidification, it could be suggested that recovery, in the form of 
increased fish species richness, should happen faster in these watersheds than in those with 
less buffering capacity.  The comparison between the 1995 relationship and the 2016 
relationship support this outcome.  Significant difference between slopes of the two 
regressions are driven by increases in fish species richness in basaltic streams and a lack of 
increases in granitic and siliciclastic streams, with the exception of Meadow Run.  The 
predicted faster recovery response of basaltic streams is also supported by larger increases in 
ANC and pH in basaltic streams than in granitic or siliciclastic streams in this study, though 
trends in ANC were not significant (fig. 15), as well as in the findings of Jastram et al. (2013) 
in which increases in fish species richness from 1996-2009 were primarily found in basaltic 
and granitic streams.  Given increases in the pH of rainfall and the availability of buffering 
agents, a faster positive response would be expected compared to the response of siliciclastic 
streams in which little buffering capacity was available at the onset of stream acidification 
and possibly less so currently.  Apart from acid deposition, the reduced ANC associated with 
siliciclastic watersheds suggests that fish species richness may be inherently low, even in the 





 Stepwise regression analysis also demonstrates an additional influence on fish species 
richness in the form of watershed area, as expressed through stream power (tbl. 3).  As 
observed by Baldigo and Lawrence (2000) and Jastram et al. (2013), increased watershed size 
corresponded to increased fish species richness.  Though average watershed area is 
comparable between siliciclastic and granitic watersheds in this study (9.66 km2 and 9.42 km2, 
respectively), average watershed area for the basaltic streams were twice as large (19.22 km2).  
In the absence of stream acidification, one would expect to find a larger fish species richness 
in the basaltic streams surveyed in this study when compared to the siliciclastic and granitic 
streams.  Acknowledging the role of watershed area, it is still clear that stream acidification is 
still a major factor in determining fish species richness when minimum and median ANC 
levels in siliciclastic streams are taken into account.  Minimum ANC concentrations (1996-
2015), representing stream response to episodic acidification, range from -4.53 in Meadow 
Run to 38.34 in Madison Run.  Median ANC concentrations (1996-2015) ranged from 4.42 
µeq/L in Paine Run to 118.1 µeq/L in Madison Run.  These concentrations indicate that 
siliciclastic streams are still sensitive to acidification.  Though, less severe than siliciclastic 
streams, granitic streams also indicate a sensitivity to acidification with minimum ANC 
concentrations ranging from 25.73 µeq/L in North Fork Dry Run to 50.15 µeq/L in Hazel 
River and median ANC concentrations ranging from 59 µeq/L in North Fork Dry Run to 
105 µeq/L in Hazel River.  
The persistent role of stream acidification in SNP, given reductions in acidifying 
emissions, can be explained by legacy effects of sulfuric deposition.  As described by Stanko-
Golden et al. (1994); Rochelle et al. (1987), regions that have retained weathered surface 
material, as a result of exclusion from recent glaciation events, will have a higher sulfate 





implementation of restrictions in 1995, no significant trends have been observed in ANC in 
the study streams.  This suggests, as predicted by Rice et al. (2014), that the reservoir of SO4 
within these watersheds has not been sufficiently depleted to allow for a recovery in the 
reservoir of base-cations and hence the legacy of acidification in the streams.   
 Rice et al. (2014) predicted that decreases in stream SO4, signifying the shedding of 
previously deposited SO4, would take place in Park streams between 2012 and 2021.  The 
results of this study suggest that this process is taking place in four of the study streams.  
Paine Run, Madison Run, North Fork Dry Run and Jeremy’s Run indicate significant 
decreases in SO4 concentrations in both long term (1987-2015) and short term (1996-2016) 
analysis.  Trends observed in siliciclastic and basaltic watersheds agree with the findings of 
Jastram et al. (2013), which observed decreasing trends for sulfate in these watersheds 
between 2003 and 2013.  Observed trends in granitic regions do not agree with Jastram et al. 
(2013), which observed that both long-term and short-term trends in granitic streams were 
increasing.  Given that corresponding significant increases in ANC were not observed in 
these watersheds, it could be suggested that, though the predicted recovery from SO4 
deposition is taking place, it has not progressed far enough to allow for a recovery in ANC.  
Notably, Jeremy’s Run was the only stream to experience an increase in fish species richness.  
As a basaltic stream, it is possible that the watershed has been able to more effectively buffer 
the SO4 deposition of the past and thus helps to explain difference observed between the 
1995 survey and the present one. 
 The impacts of continued stream acidification can also be observed when 
considering total fish biomass.  Stepwise regression analysis indicated that median ANC, 





fish biomass in the study streams (tbl. 4).  The model for total fish biomass departed from 
the model for fish species richness with the inclusion of maximum NO₃.  The inclusion of 
NO₃ in this model illustrates the persistence of NO₃, as an acidifying compound in Park 
watersheds, as suggested by Riscassi and Scanlon (2009).   
Using simple linear regression to visualize the relationship, it was observed that low 
ANC levels are associated with low total fish biomass.  This observation corresponds to the 
finds of Baldigo and Lawrence (2000).  The observed relationship can be explained the 
potential for low recruitment and fish emigration from acidic watersheds (Baker et al. 1996; 
Peterson et al. 1998; MacAvoy and Bulger, 1995; Neff et al. 2009) and negative physiological 
effects of stream acidification on fish present in acidified streams (Dennis et al. 1995; Baker 
1996).  Similarly, mortality rates observed by Krawezel (2004), associated with stream 
response to episodic acidification, would result in reduced total fish biomass in the absence 
of complete extirpation of a given species.  An exception to this observation is seen in the 
case of Madison Run, in which a high median ANC value (relative to the other siliciclastic 
streams) did not equate to a higher total fish biomass.  The influence of watershed area fails 
to explain this observation.  Madison Run has a watershed area of 16 km2, larger than any 
siliciclastic or granitic watershed.  Any influence on total fish biomass predicted in the 
stepwise regression is not observed in Madison Run.    
CHANGES IN FISH ASSEMBLAGES: 
 Fish species richness does not completely account for changes in fish assemblages in 
the thirteen study streams.  Though increases in fish species richness were observed in all 
four basaltic streams and one siliciclastic stream, changes to the composition of the fish 





Blacknose dace in Meadow Run which was reported as lost due to stream acidification in 
1995 (Bulger et al. 1995).  The addition of Blacknose dace to Meadow Run could indicate 
biotic recovery of these sensitive streams though given the discrepancy in sampling methods 
between Bulger et al. 1995 and this study, and the low abundance of Blacknose dace in 
Meadow Run (one individual), it is possible that the species was simply not detected in the 
earlier study.  Peterson et al. (1989) reported an avoidance threshold from Blacknose dace at 
a pH of 5.4.  Median pH levels in Meadow Run ranged from 5.3 in the spring to 5.5 in the 
fall between 1996 and 2015, indicating that the pH range found in Meadow Run hovers 
around the avoidance threshold for Blacknose dace.  The significant increases in pH from 
1996 to 2015 (fig. 16) suggest that Meadow Run is in the process of becoming more 
hospitable to Blacknose dace and explains their reappearance, albeit in low numbers.  It is 
notable that a tributary of Meadow Run, that flows from Crimora Lake and enters at the 
Park boundary, represents a reservoir of Blacknose dace (personal correspondence from 
Dave Demarest, SNP).  Given the close proximity of a potential reservoir for the species and 
the low observed abundance, it is likely that Meadow Run is still providing less-than-optimal 
habitat for Blacknose dace. 
 It is also notable that the basaltic streams are the only streams that contain Mottled 
sculpin (tbl. A3).  Baker et al. (1996) observed that streams sensitive to stream acidification 
lacked both Blacknose dace and Mottled sculpin.  Though all study streams in this survey 
contained Blacknose dace, the absence of Mottled sculpin in siliciclastic and granitic streams 
may be an indicator of the continued impacts of stream acidification in sensitive streams. 
 White Oak Run (siliciclastic) indicates fish species recovery with the addition of the 





Blacknose dace (Peterson et al. 1989).  Though the appearance of Creek chubs in 2016 and 
the significant increases in stream pH in White Oak Run (fig. 16) might make it possible to 
suggests fish assemblage improvement, as in Meadow Run, the assemblage in White Oak 
Run also lost a species; Fantail darters.  The absence of this species cannot be associate with 
stream acidification due to the fact that White Oak Run has the second highest minimum 
and median ANC for siliciclastic streams and because Fantail darters were found in one of 
the most acid-sensitive streams in this study (Paine Run).  Fantail darters have also been 
observed to have a seasonal presence in Whiteoak Run, being present in the early spring and 
absent in the summer (personal correspondence from Dave Demarest, SNP).  The 
possibility of a failure to detect a low-abundance species also exists, given that the species is 
not typically observed in the stream when sampling occurred.  The potential for species 
replacement and seasonal presence highlight potential limitations of using fish species 
richness as a measure of fish assemblages and the need for a multi-season sample regime. 
 Similar to White Oak Run, Hazel River (granitic) experienced a change in fish 
assemblage but not a change in fish species richness with the addition of Bluehead chub and 
Torrent suckers, and the loss of Fallfish and Rosyside dace.  It is unclear if the shift in fish 
assemblages is related to changes in stream acidification response.  Bluehead chub, Fallfish 
and Rosyside dace belong to the same taxonomic families (Cyprinidae), which have been 
shown to have similar pH ranges (4.6-6.4) (Eilers et al., 1985) thus this study cannot 
associate this change with stream acidification. 
 All four basaltic streams indicated changes in fish assemblages in the form of 
increased total fish species richness, though two streams also experienced the loss of a single 





River chub in North Fork Thornton River with stream acidification due to the fact that the 
streams are not sensitive to acid inputs.  Both species were generally found in low abundance 
during this study, suggesting that a failure to observe them could be a result of low 
abundance in Piney River and North Fork Thornton.   Alternatively, it is proposed that 
changes in fish assemblages in the four basaltic streams and Hazel River (granitic) are, in 
part, a response to the 2004 removal of the Embrey Dam on the Rappahannock River.  
Though changes in fish assemblages and increases species richness have been observed in 
proximity to dam removal sites (Porto et al., 1999; Bushaw-Newton et al. 2002; Catalano et 
al., 2007), it is possible that the changes may have far reaching effects as increased 
connectivity alters intraspecific interactions and provides increased habitat availability for 
highly mobile species.  In the case of those study streams linked to the Rappahannock River, 
one such change is the increased abundance of American eels (Hitt et al., 2002).  The 
American eel is both an insectivore as well as a piscivore (Ogden, 1970).  Hitt et al. (2002), 
suggests that increased abundance of the predatory fish could influence whole fish 
communities by increasing predation rates on macroinvertebrates and fish species thereby 
increasing intraspecific competition with other predatory fish, specifically brook trout.  
Though this study cannot link changes in fish assemblages in Hazel River, Piney River and 
North Fork Thornton River to increased eel abundance, it should be considered that these 
increases have an impact of fish community their fish community structures. 
 Similarly, anticipated increases in fish species richness associated with acidification 
recovery could be hampered in the presence of natural and man-made barriers that limit 
dispersal.  Though not specifically investigated here, the presence of small, private dams or 
naturally occurring falls could inhibit the recolonization of recovering streams as populations 





 This study identified changes in fish assemblages between two sampling years which 
were separated by a span of twenty years.  Though not addressed in this study, further 
research should be conducted focusing on interim changes in these assemblages within the 
long-term analysis of Park monitoring data.  Such research would serve to identify small 
scale changes (seasonal/annual) in fish assemblages associated with small scale changes in 
stream acidification or recruitment.     
TEMPORAL TRENDS IN WATER CHEMISTRY: 
 The absence of statistically significant change in ANC across watersheds in both 
short term (1996-2015) and long term (1987-2015) are suggestive of the legacy effects of 
previous acid deposition (Rochelle et al., 1987; Stanko-Golden et al., 1994; Robison et al. 
2013).  Though Robison et al. (2013) suggests the potential for recovery in ANC is faster in 
siliciclastic and basaltic watersheds due to their lower sulfur retention capacity, relative to 
granitic watersheds, this study observed that both siliciclastic and granitic watersheds show 
little recovery in ANC when compared to basaltic streams (fig. 16 and 17).  Median SO₄ 
concentrations observed from 1996-2015 do, however, suggest faster export of SO₄ from 
siliciclastic and basaltic watersheds in comparison to granitic watersheds, averaging 88.4 
µeq/L in siliciclastic streams, 75.9µeq/L in basaltic streams and 54.7 µeq/L in granitic 
streams.    Robison et al. (2013) suggests that even if excess SO₄ is shed from siliciclastic 
watersheds, the depletion of the base cation reservoir in siliciclastic watersheds will prolong 
recovery of ANC. Though, negative trends in stream SO₄ are promising, especially in light 
of the anticipated complete processing of previously deposited SO₄ by 2021 (Rice et al. 
2014), the persistence of decreased ANC in acid-sensitive streams indicates that the negative 





suggests that, due to the sulfur retention capacity of the Park, recovery trends may not 
become visible for several decades.   
 Statistically significant changes in long-term (1987-2015) and short-term (1996-2015) 
trends in stream pH did not result in significant changes to trends in ANC (fig. 15 and 16).  
Significant increases in pH across all but one study stream (Paine Run), although relatively 
small (fig. 14 and 15), are indicative of reductions in atmospheric acid inputs for Park 
streams rather than an increased ability to buffer said inputs.  Decreases in SO₂ dioxide 
emission since 1995 correspond to decreases in atmospheric SO₄ concentrations (Likens et 
al., 2001).  With reductions in acid inputs to Park streams, evident in increases in the pH of 
rainfall (NADP, 2014), potentially comes a decrease in the likelihood and severity of episodic 
stream acidification. 
 Significant reductions in NO₃ were observed in both short term (1996-2015) and 
long term (1987-2015) analysis.  Median NOx concentrations are below 1 µeq/L in 10 of the 
study streams, with many water weekly and quarterly water samples indicating no noticeable 
levels of NO₃.  Exceptions exist in North Fork Dry Run (16.9 µeq/L), Piney River (4.3 
µeq/L) and Rose River (4.6 µeq/L).  The most notable of these three is North Fork Dry 
Run which experiences maximum NO₃ concentrations above 100 µeq/L.  NO₃ levels above 
100 µeq/L have been associated with decreases in pH by up to one unit (Murdoch and 
Stoddard, 1992).  Though the source of the NO₃ is unclear, the high concentrations 
observed in North Fork Dry Run serve to explain why the stream has one of the lowest fish 
species richness within the study (2) and the lowest median ANC among the other granitic 
streams.  Riscassi and Scanlon (2009) propose that slow base flow recession, or the speed at 





response time to reduction in NO₃ inputs.  NO₃ that has entered the ground water reservoir 
will remain within the reservoir and available to the stream longer than in a watershed with a 
faster base flow recession.  Though this process was not investigated in this study, it 
provides one explanation for the observed trends in North Fork Dry Run. 
When taken together, trends in ANC, pH, SO4 and NO3 suggest an ecosystem in the 
early stages of recovery from acid deposition.  The positive effects of reduction in sulfur and 
nitrogen emissions is evident in Park streams in the form of significant increases in stream 
pH across watersheds, decreases in SO₄ and NO₃ concentrations in most streams and 
increasing trends in ANC associated with basaltic streams.  This being said, though the 
source of the disturbance has been mitigated, long-term effects are still present in many of 
the Parks most sensitive streams.  This is evident in the slow or lack of recovery trends in 
ANC in four of the study streams.     
Though not investigated in this study, the potential for increases in stream 
temperature may play an important role in determining fish assemblages within the park.  
McDonnell et al. (2015) predicts that a habitat squeeze could occur with rising stream 
temperature where cold-water fish species, like Brook trout, are forced farther upstream 
where stream acidification is applying downstream pressure.  Given research indicating 
increasing global air temperatures (Hansen and Lebedeff, 1987; Jones et al. 1999) the 
potential for such a habitat squeeze is a possibility.  Snyder et al. (2015) observed that there 
were high levels of variability in stream temperature response to changes in air temperature 
ranging from sensitive streams that fluctuate with changes in air temperature to streams that 
are predominantly ground water dependent, fluctuating vary little in response to changes in 





future threat of rising stream temperatures, further research into the effect of stream 
temperature on fish assemblages in advisable.     
SAMPLE REACH LENGTH EFFICACY 
 This study observed that sampling reaches greater than 100-meters results in a more 
accurate estimation of fish species richness in the thirteen study streams.  Sampling reaches 
up to 300-meters resulted in the addition of fish species.  These results support the findings 
of Angermeier and Smogor (1995) and Reynolds et al. (2003) in which reach lengths as high 
as 500-m were associated with increases in species richness estimates.   Though it is 
acknowledged that sample reaches of this size may not be feasible for agencies with large 
geographic areas to monitor, as well as limited funds, personnel and time; or situations 
where it is better to sample more streams rather than to focus on fewer streams, research 
that specifically relies on fish species richness data would be best served by using expanded 
fish sampling reaches.  This is especially true in the presence of species of low abundance as 
was observed in Meadow Run in which a single Blacknose dace was captured beyond the 
200-meter sample reach.  The identification of low abundance species in our study supports 
the findings of Patton et al. (2000) in which expanded reach length was associated with the 
identification of rare species of fish.  This finding also suggests that expanded reaches could 
be helpful for identifying benthic fish species such as Sculpin and Eel, which can be difficult 
to sample with electrofishing, especially if in low abundance.       
 A variable that arises when using expanded fish sampling reaches is the inclusion of 
multiple channel morphological classes in a single sample reach.  During this study, each 
100-meter sub-reach was classified according to Montgomery and Buffington (1997).  In two 





morphology.  In Madison Run, the first 200-meter sub-reach was classified as primarily 
plain-bed with a 1.25% channel slope.  Plane-bed morphology is typified by low 
morphological diversity, which could result in low biotic diversity.  The last 100-meter sub-
reach was classified as primarily pool-riffle with a 1.75% channel slope.  In White Oak Run, 
the first 100-meter sub-reach was primarily bedrock run with 1.25% channel slope.  The 
following 200-meter sub-reach was classified as primarily plain bed with no change in 
channel slope. While the inclusion of more habitat features enhances the ability to detect all 
species present in a given ecosystem, habitat based research would need to consider this 
implication of expanded sampling reaches, especially when investigating headwater streams 
in mountain environments where channel morphology can change over relatively short 
distances.   It is recommended that expanded fish sampling reaches be implemented when 
surveying the Parks most acid-sensitive streams where the detection of low-abundance 
species plays a critical role in determining acid impacts.   
CONCLUSIONS 
 The significant relationship between fish species richness and minimum ANC 
observed in 1995 by Bulger et al. (1995) still exists in 2016.  Though this indicates that 
stream response to acidification is still the primary determinant of fish species richness in the 
Park, temporal trends in pH, SO4 and NO3 suggest that streams are in the process of 
recovering from pre-Clean Air Act acid deposition.  Given the SO4 and NO3 retention 
capacities observed in Park watersheds, the persistence of decreased ANC in siliciclastic and 
granitic streams is predicted to continue until Park watersheds have exported the available 
reservoir previously deposited SO4 and NO3. The continued sensitivity to acidification in 





acidification in these regions.  This study also identified watershed area as a significant 
predictor of fish species richness in the thirteen study streams.  Continued research into the 
relationship between fish species richness and stream acidification may be better served by 
using streams of comparable size to control for any variability do to habitat availability and 
energy inputs.  Though inconsistencies in sampling methods were a necessary limitation in 
this study, the presented results from the 2016 survey provide consistent and effective data 
for future research into stream acidification in the Park.  This study also indicates that fish 
sample reaches beyond 200-meters may be necessary to accurately measure fish species 
richness, especially for research aimed at accurately describing relationships between fish 
species richness and environmental variables.      
 The continued role of ANC and SO4 in predicting fish species richness, and 
particularly the low fish species richness observed in siliciclastic and granitic streams 
indicates that Park streams are still in the process of recovery.  Continued monitoring of fish 
assemblages and their response to stream acidification will be necessary to monitor the rate 
of recovery from past acid deposition.  Further monitoring is especially recommended for 
streams in granitic and siliciclastic which have changed very little in their ability to buffer 
against acid inputs since 1995.  Given legacy effects due to SO4 and NO3 retention in Park 
watersheds, it is likely that the Park is in the early stages of recovery.  The importance of 
government legislation in 1990 that is attributed to the recovery process will continue to be 
of vital importance as the Park continues the process of exporting the acid deposition of 
past impacts.  Though the positive impacts of The Clean Air Act are clear in terms of acid 
deposition, these impacts have not yet translated into positive impacts at the watershed level.  





granitic watersheds, underscores the importance of the continued implementation of 
emission restrictions associated with the Clean Air Act.        































Table A1. SWAS water collection sites closest to the Park boundary were selected for analysis.  Fish 
sampling site were collocated with these sites.    
Stream SWAS Site Designation GPS coordinate (NAD83) 
Madison Run MAD2 N 38˚15’5.436 
W 78˚44’49.56’’ 
Meadow Run VT36 N 38˚9’31.32’’ 
W 78˚48’21.24’’ 
Paine Run PAIN N 38˚11’54.9’’ 
W 78˚47’36.24’’ 
Two-mile Run VT53 N 38˚20’1.968’’ 
W 78˚40’16.284’’ 
White Oak Run WOR1 N 38˚15’2.664’’ 
W 78˚44’55.0681’’ 
Brokenback Run VT58 N 38˚34’13.8’’ 
W 78˚18’15.84’’ 
Hazel River VT62 N 38˚36’58.32’’ 
W 78˚15’49.878’’ 
North Fork Dry Run NFDR N 38˚38’1.3921’’ 
W 78˚21’27.828’’ 
Staunton River STAN N 38˚26’40.596’’ 
W 78˚22’14.88’’ 
Jeremy’s Run VT51 N 38˚42’56.7721’’ 
W 78˚22’53.652’’ 
Piney River PINE N 38˚42’6.3359’’ 
W 78˚16’3.936’’ 
North Fork Thornton River VT61 N 38˚41’34.6921’’ 
W 78˚16’26.616’’ 


































Table A3. The thirteen study streams are distributed among the three major bedrock classes of the 
Park.  The three bedrock classes also represent a variety of stream responses to acid deposition.  The 

































Table A5. Twenty species of fish have been identified in the thirteen study streams between the 
















Species Common Name Code 
Letenteron appendix American brook lamprey ABL 
Anguilla rostrate American eel AME 
Nocomis leptocephalus Bluehead chub BHC 
Rhinichthys atratulus Blacknose dace BKD 
Salvelinus fontinalis Brook trout BKT 
Salmo trutta Brown trout BRT 
Campostoma anomalum Central stoneroller CES 
Semotilus atromaculatus Creek chub CRC 
Exoglossum maxillingua Cutlip minnow CUM 
Etheostoma flabellare Fantail darter FAD 
Semotilus corporalis Fall fish FAF 
Rhinichthys cataractae Longnose dace LGD 
Chrosomus oreas Mountain redbelly dace MRD 
Cottus bairdii Mottled sculpin MTS 
Oncorhynchus mykiss Rainbow trout RBT 
Nocomis micropogon River chub RRC 
Clinostomus funduloides Rosyside dace RYD 
Etheostoma olmstedi Tesselated darter TED 
Thoburnia rhothoeca Torrent sucker TOR 





Table A6. Fish assemblages for each stream for 1995 and 2016.  The loss column represents species 
present in the 1995 survey but absent in the 2016 survey.  The gain column represent fish absent 
















Table A7.  Total fish counts and biomass were calculated for each of the three 100-meter reaches.  
Also included are the total fish count and biomass for the full 300-meter reach.  No biomass data is 
available for the last 100-meter reach in Rose River due to a balance malfunction.  Species counts are 
contained within parentheses; total biomass is measured in grams (g). 
Stream Species 1st Reach 2nd Reach 3rd Reach Totals 
Madison Run BKD (71)184.6 (79)189.72 (88)151.18 (238)525.5 
 BKT (9)107.91 (13)133.55 (7)82.13 (29)323.59 
 CRC (0)0 (7)102.02 (4)64.15 (11)166.17 
 FAD (8)14.15 (4)13.02 (19)44.52 (31)71.69 
 RYD (10)38.59 (13)95.37 (10)41.07 (33)175.03 
Meadow Run BKD (0)0 (0)0 (1)3.39 (1)3.39 
 BKT (86)1267.3 (39)977.26 (49)987.19 (174)3231.75 
Paine Run BKD (384)647.7 (236)463.38 (222)461.19 (842)1572.27 
 BKT (70)1845.6 (34)844.57 (29)761.93 (133)3452.1 
 FAD (87)80.0 (175)242.91 (140)151.32 (402)474.23 
Twomile Run BKD (373)630.5 (171)354.34 (122)253.95 (666)1238.79 
 BKT (65)1258.4 (10)263.98 (16)472.95 (96)1995.33 
White Oak Run BKD (273)539.5 (94)200.55 (33)90.27 (400)830.32 
 BKT (53)360.5 (21)316.06 (17)407.19 (91)1033.75 
 CRC (0)0 (0)0 (1)21.35 (1)21.35 
Brokenback Run AME (9)1059.9 (3)363.75 (5)462.4 (17)1886.05 
 BKD (267)652.4 (158)463.01 (110)349.17 (535)1464.6 
 BKT (31)847.3 (13)524.06 (4)185.71 (48)1557.07 
Hazel River AME (5)559.52 (4)369.78 (2)464.95 (11)1394.25 
 BHC (1)36.26 (0)0 (0)0 (1)36.26 
 BKD (34)146.75 (34)138.24 (53)213.98 (121)498.97 
 BKT (16)875.02 (9)185.5 (9)677.47 (34)1737.99 
 LGD (15)167.98 (11)155.18 (7)109.48 (33)432.64 
 TOS (12)708.86 (2)60.65 (0)0 (14)769.54 
NF Dry Run BKD (64)154.4 (37)124.55 (29)88.63 (130)367.58 
 BKT (51)1260.4 (20)673.81 (17)576.58 (88)2510.79 
Staunton River AME (9)198.1 (6)159.49 (0)0 (15)357.59 
 BHC (2)62.0 (0)0 (0)0 (2)62.0 
 BKD (12)44.8 (15)86.54 (9)45.22 (36)176.56 
 BKT (149)3641.2 (58)2080.87 (91)2794.33 (298)8516.4 
 TOS (12)239.6 (10)250.69 (1)43.17 (23)533.46 
Jeremy’s Run BKD (231)566.54 (376)913.86 (129)355.47 (736)1835.87 
 BKT (15)224.59 (13)133.96 (3)140.34 (31)498.89 
 CES (2)94.65 (0)0 (0)0 (2)94.65 
 CRC (1)134.63 (0)0 (2)165.32 (3)299.95 
 FAD (66)136.14 (95)151.61 (26)43.93 (187)331.68 
 LGD (26)179.77 (60)417.69 (44)349.88 (130)947.34 
 MTS (124)704.03 (102)566.32 (57)425.41 (233)1695.76 
 RYD (10)49.34 (23)131.35 (20)116.56 (53)297.25 








Table A7 cont.  
Stream Species 1st Reach 2nd Reach 3rd Reach Totals 
NF Thornton River ABL (17)42.1 (0)0 (1)9.56 (18)51.66 
 AME (27)1027.6 (15)810.89 (14)1008.09 (56)2846.58 
 BHC (23)668.1 (7)209.23 (6)216.64 (36)1093.97 
 BKD (138)352.2 (88)201.64 (75)215.83 (301)769.67 
 BKT (20)1251.0 (2)46.29 (4)209.83 (26)1507.12 
 CUM (3)34.6 (0)0 (0)0 (3)34.6 
 LGD (28)324.4 (12)130.14 (20)213.71 (60)668.25 
 MRD (108)205.4 (45)94.96 (30)67.47 (183)367.83 
 MTS (300)959.3 (203)640.06 (190)589.32 (693)2188.68 
 RYD (40)212.3 (32)162.95 (20)76.87 (92)452.12 
 TED (8)8.8 (19)28.72 (6)8.91 (33)46.43 
 TOS (13)281.4 (35)1081.32 (9)531.33 (57)1894.05 
 WHS (3)1004 (0)0 (0)0 (3)1004 
Piney River AME (18)1197.8 (9)878.37 (6)1023.51 (33)3099.68 
 BHC (19)430.9 (1)40.0 (0)0 (20)470.9 
 BKD (86)255.8 (89)222.56 (89)1024.58 (264)1502.94 
 BKT (43)2604 (18)1377.12 (17)1024.58 (78)5005.7 
 LGD (22)300.5 (24)256.64 (20)329.23 (66)886.37 
 MTS (49)240.8 (87)392.39 (67)294.51 (203)756.6 
 RRC (0)0 (4)133.65 (0)0 (4)133.65 
 RYD (1)11.7 (0)0 (0)0 (1)11.7 
 TED (0)0 (1)3.68 (1)1.3 (2)4.98 
 TOS (6)143.6 (10)233.68 (13)255.62 (29)632.9 
Rose River AME (14)1186.2 (6)262.62 (9)n/d (29)n/d 
 BHC (10)228.6 (0)0 (0)n/d (10)n/d 
 BKD (111)398.8 (59)264 (60)n/d (230)n/d 
 BKT (103)344805 (55)2584.72 (57)n/d (215)n/d 
 BRT (8)1541.8 (2)164.65 (5)n/d (15)n/d 
 LGD (16)140.3 (11)135.64 (13)n/d (40)n/d 
 MTS (133)432.8 (59)239.0 (53)n/d (245)n/d 
 RBT (0)0 (0)0 (1)n/d (1)n/d 
 RRC (1)28.9 (0)0 (0)0 (1)28.9 
 RYD (1)9.8 (0)0 (0)0 (1)9.8 
















     Figure B1. A:  Replications of the relationship observed in Bulger et al. (1995) were done with 
and without episodic data.  No difference was found between the slopes and y-intercepts of the 
original relationship and the replication using episodic data (p=0.78; p=0.78, respectively) or B: the 










Figure B2.  No significant difference was found between the slopes and y-intercepts of  
fish species richness and ANC regressions in 2016 using 100-meter and 300-meter sample 



















      Figure B3: A matrix scatterplot of the predictors used in the construction of the model  
      used to predict fish species richness (2016), illustrating the relationship between  
      predictors and fish species richness, as well as the relationship between the predictors 






















      Figure B4:  Matrix scatterplot of the predictors used in the construction of the model  
      used to predict total fish biomass (2016), illustrating the relationship between  
      predictors and total fish biomass, as well as the relationship between the predictors 























  Figure B5. Stepwise regression identified stream power (watershed area (m2) * channel  
  Slope (m/m) as a predictor of fish species richness in the thirteen study streams (2016).  
  Though an insignificant regression is observed in an individual analysis, the variable was  




















































Figure B6.  No significant relationship was found between median ANC and fish species          
richness per watershed area (R²=0.18, p=0.11) or total biomass per watershed area (R²=-0.09, 
p=0.95) (fig. B6).  Based on these results, variables normalized for watershed area were not included 
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